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Benjamin James Green 

 

The macroinvertebrate fauna of augmented gravels: 

community composition and function. 

 

Abstract 

Restora on of riverine ecosystems is a key aspect of river management, driven by concerns 
over water sustainability and declining biodiversity caused by anthropogenic and 
environmental perturba ons. Anthropogenic perturba ons include agricultural 
sedimenta on and nutrient input, deforesta on, and river regula on including damming, 
which disturbs longitudinal, lateral and ver cal connec vity. Restoring perturbed riverine 
systems is costly, and many such restora ons are ineffec ve, with restored systems con nuing 
to degrade. Gravel augmenta on, the adding of in-stream gravels, focusses mainly on 
improving habitat for salmonids, and is one method frequently used to mi gate the impacts 
of damming.  The impact of these augmenta ons on riverine macroinvertebrates and 
ecosystem func oning in catchments with altered riparian inputs of leaf li er is, however, s ll 
unclear, given the lack of work to date inves ga ng leaf li er combined with 
macroinvertebrate assemblage structure. 

This thesis inves gates, for the first me, macroinvertebrate assemblage composi on, 
func onal diversity and leaf li er breakdown at macro and meso-scales across two low-order, 
sediment-starved streams on Dartmoor, UK, subject to gravel augmenta on. Inves ga ons 
used macroinvertebrate survey techniques, leaf li er breakdown experiments and univariate 
and mul variate analyses to explore poten al shi s in ecosystem func oning and impacts to 
the food web related to augmenta on. In total, 5641 individuals from 44 taxa were recorded 
across both catchments. Evidence was found that augmenta on led to small and large-scale 
differences in assemblage structure and func oning, which has the poten al to influence both 
higher and lower trophic levels. Leaf li er breakdown was found to be higher in augmented 
reaches, although whether associated differences in macroinvertebrate assemblage, diversity, 
func onality and leaf pack mass loss were due solely to augmenta on or a combina on of 
augmenta on and other biological and environmental factors remains unclear and merits 
further study. 
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Introduction 

Restoration of riverine systems is a prominent area of research in the science of applied water 

resources (Wohl et al. 2005). 'River restoration’ refers to a large variety of ecological, physical, 

spatial and management measures and practices that attempt to restore a natural state and 

functioning of a river system to support biodiversity, recreation, flood management and 

landscape development. The science of riverine restoration is focussed on identifying 

fundamental knowledge gaps needed for successful restorations (Wohl et al. 2015). The 

importance of riverine restorations is driven by rising concerns about water sustainability and 

declining biodiversity in light of anthropogenic and environmental perturbations (Muhar et 

al. 2016, Lu et al. 2019). The need to fully analyse the science of restorations is important, as 

truly effective restorations rely on not only short-term successes (such as initial habitat for 

salmonids) (Taylor et al. 2019), but also on long-term overall ecological success such as 

increased ecosystem functioning and service provision (Palmer et al. 2005). Due to the 

ongoing degradation of riverine ecosystems the restoration of rivers is now seen as an 

essential component of any conservation effort (Wohl et al. 2005).  

Riverine ecosystems are subject to many anthropogenic perturbations (Reid et al. 2019), 

resulting in habitat degradation and loss of water quality, which in turn lead to loss of 

biodiversity (Gleick 1998, Albertson et al. 2013). For example, of all the rivers over 1,000 km 

in length only 36 percent are free to flow from source to their end, and only 23 percent flow 

continuously to the sea (Grill et al. 2019). Anthropogenic perturbations can be evident at 

small scales, such as input of sediments and nutrients from agriculture, and large scales, for 

example river regulation or dam construction (Vörösmarty and Sahagian 2000). As a result, 

somewhat unsurprisingly, extensive legislation has been enacted and  significant investment 

in the restoration of rivers around the globe has taken place (Karr and Chu 1998). Many 

restorations are, however, less than successful, and these so-called ‘restored’ ecosystems 

continue to degrade (Williams and Wolman 1984, Kondolf et al. 2007). The United Nations 

General Assembly resolution 58/217, proclaimed 2005 -2015 as ‘Water for Life’ an 

‘International Decade for Action’. This resolution called for a greater focus on issues of water 

at all levels (Dudgeon et al. 2006). Common restoration goals include: (a) aesthetics (e.g. 

appearance, fishing, education); (b) construction of fish passages (e.g. construction of 

passages for, or removal of barriers to, fish migration); (c) reconfiguration of channels (e.g. 



 

9 
 

alteration of thalweg, channel geometry, encouraging primary production by improved access 

to daylight); (d) adjacent land purchase (thereby decreasing pressure on riverine systems by 

taking land back from farmers and focussing on preservation, protection and creating riparian 

buffer strips); (e) instream managing of species (i.e. translocation or stocking various flora 

and/or fauna and removal of invasive species); (f) dam removal or mitigation (by addressing 

issues such as lack of bedload gravel (BLG), transport or build-up of fine sediment in spawning 

gravel); and (g) instream habitat creation (gravel augmentations undertaken to provide 

refugia and spawning material for salmonids) (Wood and Armitage 1997, Yarnell et al. 2006, 

Follstad Shah et al. 2007, Wharton and Gilvear 2007).  

River restorations have now become more prevalent in a wider range of river forms. 

Restoration approaches once employed on typical larger mid-order rivers to encourage, for 

example, salmonid spawning by providing habitat for redds (Hendry and Cragg-Hine 1997) are 

now applied on small, dammed, headwater streams that have become starved of BLG (Downs 

et al. 2016). Not all works employed in larger rivers are possible on small headwater streams 

which are constricted by development and topography, and consequently, restricted by cost, 

from creating certain structures (for example to boost fluvial dynamics in the form of a flood 

corridor that can be exploited by the river to deposit sediment and encourage growth of 

riparian flora) (Kondolf et al. 2006, Beechie et al. 2010). Sediment loading and hydrographs 

including dam flow perturbation are now widely used when planning riverine restorations 

(Staentzel et al. 2019a). 

Dams potentially cause longitudinal connection issues (including problems in transport of 

sediment, organic matter, nutrients and barring fish migrations) (Roni et al. 2002). Dams also 

impact lateral connectivity by restricting water overflow to floodplains. This can cause 

decreases in riparian vegetation, thereby affecting a decline in habitat and associated niches 

for riverine flora and fauna (Roni et al. 2008, Liu and Wang 2018). Dams may also impact 

vertical connectivity by the reduction of regular hydraulic gradients which flush BLG of fine 

riverine sediment (FRS), thereby reducing exchange with the hyporheic zone (Kondolf 2006). 

In some rivers, environmental flow requirements have been assessed and plans put in place 

to increase the number of flushing flows and thereby facilitate transport of sediment and 

prevent homogenisation (Poff et al. 2007), and in other instances the ecological responses to 

altered flow regimes have been monitored post-application (Poff and Zimmerman 2010). 
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Further suggestions included the development of full flow regimes (Richter et al. 2006, 

Staentzel et al. 2019b). One method to mitigate flow perturbations, and therefore restrictions 

to downstream sediment transport, is the augmentation of BLG. 

Projects involving the augmentation of BLG into rivers and streams have been undertaken in 

the USA from the early 1970s, and increasingly since 1976 (Staentzel et al. 2019b). California 

rivers in the Sierra Nevada and Coastal Ranges have seen restoration efforts (Kondolf and 

Matthews 1991, Kondolf and Wolman 1993, Kondolf and Micheli 1995, Kondolf et al. 1996) 

with the main focus of these augmentations being to improve ecological habitat for 

Salmonidae (Merz et al. 2006, Sellheim et al. 2016). An increase in habitat heterogeneity can 

be gained in-channel by gravel bar production, thereby unlocking the potential for niche 

creation and encouraging elevated biodiversity (Escobar-Arias and Pasternack 2011, Ock et 

al. 2015). In some instances that the addition of BLG has not generated any biological 

response (McManamay et al. 2013), possibly because of the size or amount of sediment 

added. Augmentations have also been seen to raise water levels, allowing greater inundation 

of the alluvial zone (Elkins et al. 2007).  In some cases, BLG has not been observed to increase 

colonisation by other organisms such as macroinvertebrates, with sites being found to be no 

different in density or biomass to unrestored sites within a 4-week period (Merz and Ochikubo 

Chan 2005). In other cases, macroinvertebrate assemblages have been shown to differ in 

rivers that have undergone augmentation, from elevated abundance (Merz and Ochikubo 

Chan 2005), to depressed abundance (Albertson et al. 2011) in California, and equivalent 

abundance in France (Sarriquet et al. 2007). Gravels have also been shown to be crucial for 

lithophilic organisms and their growth phases (Pulg et al. 2013). As salmonids prey upon 

macroinvertebrates (Diehl 1992), the effects of augmentation on macroinvertebrate 

assemblages is important (Weber et al. 2014).  

Macroinvertebrates represent most of the biodiversity of riverine systems, and are crucial to 

ecosystem function (Wallace and Webster 1996). They are a key contributor to nutrient 

cycling of material either produced in the system or inflowing from the riparian region 

(Malmqvist 2002). Assemblages found at particular catchments/reaches are often a 

significant gauge of system health and have been used in programmes of management 

(Marchant et al. 1997, Hawkins et al. 2000, Malmqvist 2002). Macroinvertebrates are useful 

indicators of ecosystem health (Dufrêne and Legendre 1997, Stone and Wallace 1998, 
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Henshall et al. 2011), as they are relatively easy to sample quantitatively, in comparison to 

other organisms such as phytoplankton or zooplankton (Reynoldson and Metcalfe-Smith 

1992). Macroinvertebrate responses to water quality and habitat change are well studied. 

Their assemblages are comparatively stable over time when compared to microbial or 

planktonic communities, and also requires less frequent sampling (Hynes 1970, Cummins and 

Wilzbach 1985, Reynoldson and Metcalfe-Smith 1992, Death and Winterbourn 1995, Friberg 

2014, White et al. 2017a).  

To quantify biodiversity and characterize ecosystem function, bio-assessments are utilised 

globally in lotic environments (Cummins et al. 2005). In streams and rivers two popular 

approaches are applied. Firstly, a taxonomic approach, which is usually focussed on 

measuring richness and/or diversity such as an Index of Biotic Integrity  (IBI) (Resh and 

Rosenberg 1993). Secondly, a functional approach may be utilized to describe the state of an 

ecosystem. This is a less time consuming tactic with less taxonomic work required (Cummins 

et al. 2005). The use of taxonomic approaches to make fast, reliable evaluations of either 

toxicity (e.g., in the case of a chemical spill) or biodiversity (e.g., for conservation assessment) 

is hindered by the need to identify organisms to genus, preferably species. In contrast, the 

functional trait approach is based on characteristics (both behavioural and morphological) 

that relate to the specific organisms feeding strategy (Cummins and Lauff 1969, Cummins 

1973, Cummins and Klug 1979, Cummins and Wilzbach 1985, Cummins et al. 2005). The use 

of functional traits as a proxy for ecosystem health is however frequently overlooked in 

restoration projects (Kail et al. 2015), despite data gleaned from their inclusion having the 

potential to increase our understanding of how these systems function (White et al. 2017a). 

For example, traditionally recorded taxonomic data have the potential to allow individual taxa 

to be studied (e.g. H’ or species richness) whereas functional trait data have the further 

potential to highlight specific responses to augmentation  (White et al. 2017b). This was seen 

in a study in Carolina, USA, undertaken specifically to assess the feasibility of the use of 

functional traits to monitor the effects of restoration on macroinvertebrate assemblages 

(Tullos et al. 2009). Some studies propose functional diversity to be the greatest predictor of 

ecosystem function (Cadotte et al. 2011, Gagic et al. 2015, Schmera et al. 2017). Small-scale 

studies have shown that  species richness drives ecosystem functioning, for example in a study 

of the effect of substrate heterogeneity on biofilm metabolism (Cardinale et al. 2002), and in 
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another field experiment in northern Sweden (Frainer et al. 2014). However, it has been 

suggested that ecosystem functioning (and its associated biodiversity) may rely on a ‘cascade 

effect’ between species, interactions between and among species, the sequence of species 

loss, species traits, and the environmental context (Schmera et al. 2017). 

The study of organisms that feed on allochthonously inputted organic matter can be an 

excellent proxy for overall ecosystem health as they are the primary link to higher trophic 

levels (Marks 2019). Litter in the form of branches, twigs and leaves that fall into streams from 

the riparian environment is generally the primary energy input of most streams (Marcarelli et 

al. 2011). Research to date on leaf litter breakdown in streams has focussed mainly on rates 

of decomposition (Marks 2019). The study of macroinvertebrate functional traits and use of 

leaf litter as a proxy for functional diversity has been a growing field for decades (Petersen 

and Cummins 1974, Boling Jr et al. 1975, Suberkropp et al. 1976, Ward and Cummins 1979, 

Newbold et al. 1982, Webster and Benfield 1986, Richardson 1992, Wallace et al. 1997, 

Jonsson and Malmqvist 2000, Bergfur 2007, Péru and Dolédec 2010, Classen-Rodríguez et al. 

2019).  

The most prevalent macroinvertebrate taxa in stream systems are Ephemeroptera (Mayflies), 

Plecoptera (Stoneflies), Odonata (Dragonflies), Diptera (Flies) and Trichoptera (Caddisflies) 

(Graça 2001). Macroinvertebrates are generally classified functionally by the way they feed, 

not by what they eat (Wallace and Webster 1996): (1) Predators feed on other organisms; (2) 

Grazers-scrapers feed on biofilm on submerged structures like rocks and plants (Cummins et 

al. 1984); (3) Collector-filterers feed on fine particulate organic matter (FPOM) filtered from 

the water column; (4) collector-gatherers take FPOM directly from the substrate (Cummins 

et al. 2005); and (5) shredders feed on coarse particulate organic matter (CPOM), for instance 

leaf litter. Most of these functional groups, other than predators, can potentially function as 

detritivores (Graça 2001). In temperate zones, litter fall and therefore litter input into streams 

is seasonal (Graça 2001). This seasonality may cause shortages of detritus at certain times of 

year, or between seasons, consequently limiting food availability (Petersen Jr et al. 1989). 

There is a strong relationship between leaf litter input and macroinvertebrate assemblage. 

Studies have shown that the exclusion of leaf litter reduced both biomass and abundance of 

benthic macroinvertebrates (Wallace et al. 1997, Wallace et al. 1999). In particular, the 

exclusion of litter impacts shredders, gatherers and predators, which in turn reduces 
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secondary production (Graça 2001). To date, few studies have investigated the impacts of 

gravel augmentation on leaf litter breakdown and associated macroinvertebrate 

assemblages. 

With the ongoing anthropogenic changes to riparian zones, rivers and streams and associated 

subsequent loss of habitat, restoration projects that involve investigating the relationship 

between biodiversity and ecosystem function are of particular importance (Hooper et al. 

2012). Leaves of different riparian species decompose at different rates providing food for 

macroinvertebrates over a time-continuum from first leaf fall to later in the season (Ferreira 

et al. 2016, Siders et al. 2018). Mixed leaf pack studies have shown that richness of litter 

species entering a stream increases decomposition rates (Handa et al. 2014). However, if 

global change continues to homogenise our waterways and riparian zones, and with the influx 

of invasive riparian species of flora changing allochthonous input levels and breakdown rates, 

macroinvertebrate assemblages may suffer lowering species richness and overall biodiversity. 

This weakening of overall ecosystem interactions, has the potential to have deleterious 

knock-on effects for other trophic levels - including salmonids (Rosenfeld and Hatfield 2006, 

Lapointe et al. 2014), particularly as it appears larger bodied macroinvertebrates (the most 

important for decomposition) are also the most likely to become extinct (Duffy 2003). 
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Aims 

This thesis aims to characterise the macroinvertebrate assemblage compositions and 

potential impacts of gravel augmentation on leaf litter breakdown and thereby ecosystem 

functioning of two dammed, sediment-starved, low-order streams on Dartmoor, Devon, UK: 

the River Avon and the South Teign. Chapter Two uses survey techniques to explore 

macroinvertebrate assemblage composition, and Chapter Three utilizes leaf litter pack 

experiments to explore the effect of gravel augmentation on a key ecosystem process and 

characterises litter pack macroinvertebrate assemblage composition and functionality. 

The main objectives of this thesis were to: 

a) characterise macroinvertebrate assemblage composition across and between two 

dammed, sediment-starved, low-order augmented streams on Dartmoor, Devon, UK 

(River Avon and South Teign), and place these in context through comparison with 

other undammed systems in the region; and 

b) identify differences in leaf litter breakdown rates and associated community structure 

and functional diversity across and between both catchments at both macro and 

meso-scales, to identify possible changes in ecosystem function, and therefore 

potential impacts on higher trophic levels.  
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Chapter Two: Macroinvertebrate communities of two gravel-augmented 

Dartmoor rivers  

Introduction 

Stream ecosystems are increasingly subjected to anthropogenic perturbations, which result 

in habitat degradation, reduction of water quality, and associated losses of biodiversity 

(Gleick 1998, Vörösmarty and Sahagian 2000, Albertson et al. 2011). These perturbations 

result from actions operating at both large (e.g., climate change, river regulation, dam 

construction) and small scales (e.g., sediment and nutrient input from agriculture). Dams have 

the potential to affect entire watersheds (Boon 1988, Brooks et al. 2002) by disrupting fluxes 

of water, nutrients and sediment in riverine systems, which in turn has the potential to 

significantly impact stream biota (Cairns Jr 1995, Kondolf and Micheli 1995, Graf 2001). In 

some instances dams may completely block downstream transport of benthic sediment, 

leading to simplification of habitat, incision of channels and an imbalance between bedload 

gravel (BLG) (Gaeuman 2012) and fine riverine sediment (FRS) on the downstream channel 

bed (Williams and Wolman 1984, Ligon et al. 1995).  

BLG is an important component of riverine systems for macroinvertebrates (Rice et al. 2001). 

It provides an important surface within the total makeup of a stream’s complement of 

sediment on which macroinvertebrates move, shelter, rest and feed (Rice et al. 2001). BLG 

also defines channel slope and roughness, which in turn impacts macroinvertebrates through 

the hydraulic stresses they tolerate (Cummins and Lauff 1969, Minshall 1984, Rice et al. 2001, 

Compin and Céréghino 2007). Relatively stable substrates are attractive to benthic 

macroinvertebrates as they provide refugia when floods occur, and therefore aid subsequent 

recolonization (Lancaster and Hildrew 1993b, a, Rice et al. 2001), which in turn promotes 

community diversity, stability and abundance (Death and Winterbourn 1994, 1995, Sellheim 

et al. 2016). Roughness of substrate is a factor in determining near-bed hydraulic 

environments (e.g., turbulence, shear and flow separation). It determines an organism’s 

ability to feed, move, or maintain position (Walton Jr et al. 1977, Statzner et al. 1988, Rice et 

al. 2001). This same roughness is an important element in the growth of periphyton and 

substrate holding of organic detritus (McAuliffe 1983, Ward 1992), which effects higher 

trophic levels in the form of herbivorous macroinvertebrates, and then in turn their predators 
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(e.g. salmonids) (Rempel et al. 2000, Rice et al. 2001). In addition, BLG characteristics affect 

the stability and connectivity of interstitial spaces that make up the in-channel hyporheic 

environment, controlling hyporheic (Stanford and Ward 1988, Boulton et al. 1998) fluxes of 

nutrients and water (Claret et al. 1997) including availability as refugia (Dole-Olivier et al. 

1997, Rice et al. 2001). Availability of BLG is also directly required for salmonid spawning 

(Barlaup et al. 2008). Females typically dig pits in gravel by beating their tails, and the eggs 

are then deposited into the pit and fertilized by one or more males (Dalley et al. 1983, Gibson 

1993, Saura et al. 2008). When fertilization is complete the female passages upstream and 

conceals the eggs by digging a new pit. This gravel construction is commonly called a redd 

(White 1942).  

River restoration has become more widespread over the last few decades, with methods 

employed that attempt to recreate various abiotic and biotic factors that may have once been 

present naturally in riverine systems before human disturbance, thereby encouraging 

recovery of threatened biodiversity, and recolonization by historical assemblages (Kondolf 

and Micheli 1995, Dobson et al. 1997). Clearly, any strategy for riverine rehabilitation and/or 

management should be based on fundamental knowledge of ecosystem structure and 

function, and their likely responses (Cummins 1973). Methods for restoration include channel 

realignment or insertion of mid-stream structures to increase habitat heterogeneity (Rabeni 

and Minshall 1977, Nickelson et al. 1992, Brooks et al. 2002), removal of barriers to fish 

movement, repairs to bank erosion (Brookes and Shields Jr 1996, Albertson et al. 2011, 

Arnaud et al. 2017), and the augmentation of gravels to re-introduce BLG, which is particularly 

important in reaches downstream of dams (Bernhardt et al. 2005). Commonly these habitat 

enhancements focus on fish species (e.g. salmonids) (Nickelson et al. 1992, Rabeni and 

Jacobson 1993, Kondolf and Micheli 1995, Schälchli et al. 2010), in part due to their 

commercial value (Weber et al. 2014). Thus far, the impacts of restoration on other organisms 

have received little, if any, consideration (Albertson et al. 2011). The first gravel 

augmentations were conducted in the 1960’s in the USA (Wheaton et al. 2004, Merz et al. 

2006, Arnaud et al. 2017), on dammed rivers to re-create habitat suitable for salmonids. In 

Europe, gravel augmentation has been employed to mitigate sediment starvation 

downstream (Schälchli et al. 2010, Klösch et al. 2011), and in Japan gravel augmentation has 

been used to mitigate sediment deficits (Ock et al. 2013). In a study on the Danube 
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(Liedermann et al. 2013), gravel tracer studies appeared to be a good means for monitoring 

sediment transportation in rivers, and in turn could be useful for designing future models of 

sediment movement downstream. 

Biological assessments are utilised worldwide in both lentic and lotic environments to assess 

biodiversity and characterize ecosystem function (Cummins et al. 2005). In the lotic 

environment of streams and rivers two general approaches are utilized; first, a taxonomic 

approach, which is usually focussed on measuring richness and/or diversity such as an Index 

of Biotic Integrity or IBI (Resh and Rosenberg 1993). Second, a functional approach may be 

adopted; this approach is generally used to characterize the condition of an ecosystem and is 

a far quicker method with less taxonomic work required (Cummins et al. 2005). The use of 

taxonomic approaches to make fast, reliable evaluations of either toxicity (in the case of a 

chemical spill) or biodiversity (for conservation assessment for example) is hampered by the 

need to identify organisms down to genus and preferably species, whereas the functional 

group approach is based on characteristics (both behavioural and morphological) that relate 

to an organism’s feeding strategy (Cummins and Lauff 1969, Cummins 1973, Cummins and 

Klug 1979, Cummins and Wilzbach 1985, Cummins et al. 2005). Macroinvertebrates are useful 

indicators of an ecosystem health  (Dufrêne and Legendre 1997, Stone and Wallace 1998, 

Henshall et al. 2011), as they are relatively easy to sample quantitively in comparison to other 

organisms such as phytoplankton or zooplankton (Reynoldson and Metcalfe-Smith 1992). 

Macroinvertebrate responses to water quality and habitat change are well studied, and their 

assemblages are relatively stable over time when compared to microbial or planktonic 

communities, and they require less frequent sampling (Hynes 1970, Cummins and Wilzbach 

1985, Reynoldson and Metcalfe-Smith 1992, Death and Winterbourn 1995, Friberg 2014, 

White et al. 2017a). 

Macroinvertebrates represent a significant proportion of the biodiversity of riverine systems, 

and are crucial to ecosystem function (Wallace and Webster 1996). They are a key contributor 

to nutrient cycling of material either produced in the system or inflowing from the riparian 

region (Malmqvist 2002). Furthermore, assemblages found at reaches/catchments 

(depending on the context of the study) are often a significant gauge of system health and 

have been used in programmes of management (Marchant et al. 1997, Hawkins et al. 2000, 

Malmqvist 2002). Macroinvertebrate assemblages have been shown to differ in rivers that 
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have undergone augmentation; from elevated abundance (Merz and Ochikubo Chan 2005) to 

depressed (Albertson et al. 2011) in California, and equivalent abundances in France 

(Sarriquet et al. 2007). Given that salmonids prey upon macroinvertebrates (Diehl 1992), the 

consequences of augmentation upon their assemblages is therefore important (Weber et al. 

2014). The augmentation of gravels to encourage salmonid spawning may be valuable, but 

knowledge of how this augmentation impacts macroinvertebrates is limited, particularly in 

the UK (Boon 1988).This study employs both taxonomic and functional group approaches to 

investigate the responses of macroinvertebrate assemblages to gravel augmentation in two 

dammed, sediment-starved rivers in Devon, Dartmoor, UK (River Avon and South Teign); the 

first time this has been examined in comparable upland watercourses of the type used by 

many breeding salmonid populations in western Europe. We explore the impact of gravel 

augmentation on macroinvertebrate abundance, species richness and diversity, as well as 

assemblage and functional feeding group composition. 

 

Materials and methods  

Study catchments  

Sampling was conducted at Dartmoor National Park in Devon, UK, in augmented and 

unaugmented reaches of the River Avon and the South Teign. These two catchments were 

subject to a series of planned gravel augmentations of mixed gravel size (4 – 100mm), 

undertaken over a six-year period from 2014 – 2019 by Westcountry Rivers Trust. As well as 

at five ‘natural’ control reaches which were sampled as undammed reference catchments in 

line with the BACI (Before/After and Control/Impact) principle (Underwood 1992) (Figure 1). 

The River Avon rises 460 m above sea level on the Aune Head mires, south Dartmoor. Its 

catchment extends over 110.5 km2 and it flows 40 km from source to sea. The river is dammed 

by the Avon Reservoir, which was constructed in 1957 (Bogle et al. 1959). The River Avon’s 

major tributaries include Bala Brook and Glaze Brook, both of which have sources on the moor 

itself (Environment Agency 2003). The South Teign rises near Grey Wethers on north 

Dartmoor, and then feeds Fernworthy Reservoir 19 km from the Avon Dam. The five control 

reaches selected were the East Dart at Bellever Forrest, Cherry Brook west of Postbridge, the 

River Walkham at Merrivale, the Blackbrook River to the east of Princetown, and the River 
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Meavy above Burrator Reservoir. The beds of the River Avon and the South Teign mainly 

consist of large cobbles and boulders, with sizable areas of exposed bedrock and scattered 

BLG deposits. The uplands of Dartmoor do produce low levels of BLG, however, it is assumed 

that the River Avon and Fernworthy Dams have reduced sediment supply to downstream 

reaches, with the potential for deleterious impacts on aquatic life (Downs et al. 2016).  

 

Sampling methods 

Samples were collected over five days from 6th July 2020 – 10th July 2020 from reaches with 

and without augmented gravels on the River Avon and South Teign (Figure 1, Table 1). 

 

Figure 1. The location of Dartmoor National Park unaugmented/augmented gravel study reaches. The inset 

shows catchments within the British Isles: a) River Avon catchment, b) South Teign catchment. Individual sample 

reaches are marked on the map and coloured white/grey to distinguish augmentation state (Digimap 2021). 
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Table 1. Surber sample and reference catchment information. 

Catchment Reach Augmentation 
state 

Lat/long Elevation 

River Avon 1 unaugmented 50°28'45.8"N 3°52'54.2"W 351m 
River Avon 2 unaugmented 50°28'44.3"N 3°52'49.9"W 350m 
River Avon 3 unaugmented 50°28'41.1"N 3°52'45.9"W 349m 
River Avon 4 unaugmented 50°28'39.6"N 3°52'38.9"W 347m 
River Avon 5 unaugmented 50°28'38.4"N 3°52'31.8"W 345m 
River Avon 6 augmented 50°28'08.5"N 3°51'41.5"W 306m 
River Avon 7 augmented 50°28'06.9"N 3°51'41.7"W 303m 
River Avon 8 augmented 50°27'29.2"N 3°51'37.2"W 268m 
River Avon 9 augmented 50°27'29.5"N 3°51'35.1"W 266m 
River Avon 10 augmented 50°27'11.4"N 3°51'31.2"W 230m 
South Teign 11 unaugmented 50°38'19.8"N 3°54'19.6"W 383m 
South Teign 12 unaugmented 50°38'18.7"N 3°54'16.3"W 381m 
South Teign 13 unaugmented 50°38'18.4"N 3°54'13.5"W 379m 
South Teign 14 unaugmented 50°38'17.6"N 3°54'09.3"W 373m 
South Teign 15 unaugmented 50°38'16.7"N 3°54'07.4"W 365m 
South Teign 16 augmented 50°38'38.6"N 3°52'48.6"W 331m 
South Teign 17 augmented 50°38'39.1"N 3°52'47.6"W 329m 
South Teign 18 augmented 50°39'15.0"N 3°52'13.2"W 281m 
South Teign 19 augmented 50°39'50.1"N 3°52'08.6"W 245m 
South Teign 20 augmented 50°39'52.4"N 3°52'04.7"W 243m 
East Dart River 21 natural 50°34'49.8"N 3°53'47.2"W 309m 
Cherry Brook 22 natural 50°34'35.4"N 3°55'48.2"W 354m 
River Walkham 23 natural 50°33'27.2"N 4°02'53.7"W 281m 
Blackbrook River 24 natural 50°33'28.0"N 3°59'40.9"W 391m 
River Meavy 25 natural 50°30'24.7"N 4°01'16.2"W 263m 
     

 

 

At each reach, five replicate surber (Surber 1937) samples were taken from riffle areas 

employing a sampler with an area of 0.1 m2 and a 500 μm nylon mesh. Samples were washed 

through in situ to concentrate material in the bottom of the net, drained and then placed 

directly into labelled pots, to which 80% ethanol was added. Physical and chemical data were 

also recorded in association with each sample. As well as augmentation state these comprised 

Depth (cm), flow (m/s) with GEOPACKS MFP126-S Flow meter (Okehampton, UK) and 

turbidity (NTU) with a LaMotte 2020We turbidity meter (Baltimore, USA). Dissolved oxygen 

(DO) was recorded with a YSI Pro20 (Ohio, USA). Temperature (°C), pH, and conductivity (μs) 

readings were gathered with a YSI Pro1030 multimeter (Ohio, USA). Percentage cover of 

gravel, cobble, boulder, bedrock, and moss were visually estimated per reach. 
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In the laboratory, samples were rinsed through a 500 μm sieve with fresh water, then picked 

in a plastic tray marked with a 5 cm grid. Samples were sieved, and then picked several times 

to ensure no organisms were missed. Organisms were identified to species level where 

possible. Simuliidae were identified to family level, most Chironomidae to sub-family level, 

and to genus in the case of Rheotanytarsus spp. Organisms were examined using a Meiji 

Techno binocular microscope (10-75x magnification) with a Phototonic A1160 light source. 

An Olympus G72110 compound microscope (x100 magnification) was used when closer 

examination was required (e.g., Baetis spp. gill plates). 

 

Data analyses 

Linear mixed models were employed to examine the effect of catchment, reach and 

augmentation state on total number of individuals (Ind), number of species (S), Hill-Shannon 

diversity index, and Hill-Simpson diversity index using nested linear mixed models = state * 

catch + reach (state*catch) in IBM SPSS for Windows, version 24.0 (IBM Corp 2016), with 

planned pairwise comparisons between augmentation states using estimated marginal 

means. Conformity to assumptions of glm was determined using plots of fits and residuals. 

Hill-Shannon and Hill-Simpson numbers where calculated and used in place of Shannon’s and 

Simpsons diversity indices as this conversion produces the ‘effective number of species’ and 

is therefore a more accurate representation of assemblage composition (Hill 1973, Chao et 

al. 2014).  Permutational multivariate analysis of variance (PERMANOVA) undertaken in 

PRIMER version.7 (Clarke et al. 2014) was employed to test for the effects of augmentation, 

catchment and reach (nested within both catchment and augmentation state) on assemblage 

composition. In addition, multiple control reaches were included in qualitative analysis to 

determine typical between-reach variability sensu Underwood (1992). Physicochemistry 

measures were recorded for each individual sample, comprising temperature, pH, 

conductivity, dissolved oxygen, turbidity, flow speed, and depth, as well as percentage cover 

of gravel, cobbles, boulders, moss and bedrock. These data were then summarised using 

principle component analysis (PCA), and first axis scores based on normalised variables were 

incorporated in the PERMANOVA as a covariate, employing a type 1 SS PERMANCOVA model. 

SIMPER analysis was undertaken using the vegan package (Oksanen 2013) in R version. 3.4.2 

(Team 2016) to examine which species contributed most to the dissimilarity between reaches 
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and catchments.  To visualize patterns in assemblage composition across catchments, reaches 

and augmentation states, 2-dimensional multidimensional scaling (nMDS) was conducted 

using the Bray-Curtis similarity index based upon log10 transformed abundances in the routine 

metaMDS in the vegan package, with either physicochemical vectors and species overlain, or 

the addition of samples from control reaches. Finally, organisms were assigned to functional 

feeding groups (FFGs) following (Merritt and Cummins 1996), with FFG frequencies generated 

from individual abundance data. These data were then analysed in Excel using a goodness of 

fit G-test to explore possible differences in functional composition between unaugmented 

and augmented reaches. 

 

Results 

Univariate analyses 

A total of 3833 individuals were recorded, representing 44 taxa of aquatic macroinvertebrata 

(Table 2). Univariate GLMs indicated strong spatial variability for individual abundance (p < 

0.05), species richness (p < 0.01), Hill-Shannon diversity (p < 0.001) and Hill-Simpson diversity 

(p < 0.001) at the level of reach but showed no significant effects for augmentation state or 

catchment sampled (Table 3). A significant difference was found (p < 0.01) in number of 

individuals between the River Avon augmentation states, with higher numbers recorded in 

unaugmented reaches (Table 3).  

 

Table 2. Species list with assigned functional feeding group (FFG) and individual abundances across all 

reaches/catchments (AU – River Avon unaugmented, AA – River Avon augmented, STU – South Teign 

unaugmented, STA – South Teign augmented, RC – reference catchments. All species are larval unless otherwise 

stated as adult (A). FFG codes: G/C = gatherer/collector, S/D = shredder/detritivore, F/C = filterer/ collector, P/P/E 

= piercer/predator/engulfer, S = scraper. 

Order Species FFG AU AA STU STA RC 
        
Odonata 
(dragon/damselflies) 
 

Cordulegaster boltonii (Donovan, 
1807) 

P/P/
E 

0 1 0 0 0 

Trichoptera (Caddisflies) Hydropsyche siltalai Döhler, 1964 F/C 5 4 43 12 16 
 Rhyacophila munda McLachlan, 

1862 
P/P/
E 

2 0 6 0 6 
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 Rhyacophila dorsalis (Curtis, 1834) P/P/
E 

15 21 10 20 5 

 Polycentropus flavomaculatus 
(Pictet, 1834) 

F/C 35 64 9 21 10 

        
Ephemeroptera (Mayflies) Baetis rhodani Pictet, 1845 G/C 27 75 85 65 75 
 Serratella ignita (Poda, 1761) G/C 60 50 35 54 226 
 Heptagenia sulphurea (Müller, 1776) S 0 4 0 0 0 
 Electrogena lateralis (Curtis, 1834) S 1 6 0 0 0 
 Caenis rivulorum Eaton, 1884 S 0 0 0 0 2 
 Ecdyonurus torrentis Kimmins, 1942 S 0 1 0 0 0 
        
Plecoptera (Stoneflies) Leuctra inermis Kempny, 1899 S/D 128 53 15 356 183 
 Leuctra moselyi Morton, 1929 S/D 0 0 0 0 4 
 Chloroperla torrentium (Pictet, 1841) S/D 0 0 60 43 3 
 Amphinemura sulcicollis (Stephens, 

1836) 
S/D 0 4 0 0 0 

 Dinocras cephalotes (Curtis, 1827) P/P/
E 

0 0 0 0 3 

 Protonemura meyeri (Pictet, 1841) S/D 147 4 22 2 54 
 Isoperla grammatica (Poda, 1761) P/P/

E 
24 2 35 4 6 

        
Coleoptera (Beetles) Elmis aenea (Müller, P.W.J., 1806) G/C 155 1 233 5 129 
 Oulimnius tuberculatus (Müller, 

P.W.J., 1806) 
G/C 110 9 5 0 23 

 Limnius volckmari (Panzer, 1793) G/C 28 12 3 28 49 
 Esolus parallelepipedus (Müller, 

P.W.J., 1806) 
G/C 0 0 0 0 2 

 Elmis aenea (A)  S 18 0 35 0 14 
 Oulimnius tuberculatus (A) S 2 1 5 0 0 
 Limnius volckmari (A) S 4 2 0 2 1 
 Helophorus brevipalpis Bedel, 1881  S/D 0 0 4 0 1 
 Hydrophilidae sp. Latreille, 1802 G/C 0 1 0 0 1 
 Elodes sp. Latreille, 1796 G/C 0 0 16 1 0 
        
Amphipoda Gammarus pulex Linnaeus, 1758 

 
S 0 0 0 6 0 

Diptera (Flies) Ibisia marginata (Fabricius, 1781) P/P/
E 

0 3 0 0 8 

 Dictenidia bimaculata (Linnaeus, 
1761) 

P/P/
E 

10 0 14 11 17 

 Tipulidae spp.  P/P/
E 

0 1 0 7 0 

 Rheotanytarsus spp. Thienemann & 
Bause, 1913 

G/C 0 86 0 6 26 

 Chironominae spp. G/C 0 31 0 13 4 
 Tanypodinae sp.  G/C 4 64 1 34 18 
 Orthocladiinae spp. G/C 69 20 2 13 5 
 Simuliidae spp.  F/C 32 76 28 63 38 
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Table 3. General linear model results for individual abundance, species richness, Hill-Shannon numbers, Hill-

Simpson numbers and associated pairwise comparisons. Asterisks (*) indicate level of significance (p < 0.05 = *, 

p < 0.01 = **, p < 0.001 = ***). The code (u) indicates higher values in unaugmented reaches. 

 

Source Individual 
abundance 

Species richness             Hill-Shannon Hill-Simpson 

     
state      ns             ns                    ns        ns  
 
catch 

 
     ns 

 
            ns 

 
                   ns 

 
       ns  

 
state*catch 
 
reach(state*catch) 
 
Avon state  
 
South Teign state 
 

 
     ns 
 
      * 
 
   (u)** 
 
    ns 
 

 
            ns 
 
           ** 
 
           ns 
 
           ns 
 

 
                   ns 
  
                  *** 
 
                   ns 
 
                   ns 
 

 
       ns 
 
     *** 
 
      ns 
 
      ns 
 

     
 

 

 

 

 

 

Multivariate analyses 

Type 1 sums of squares PERMANCOVA indicated a significant effect of augmentation (p = 

0.001) upon assemblage composition after accounting for the strong influence of 

physicochemistry (p = 0.008) as represented by the first axis PCA scores. This latter accounted 

for 62% of the variation in physiochemical variables, being mainly correlated with depth 

(0.862), conductivity (-0.427) and temperature (0.135). Furthermore, in the PERMANCOVA, a 

strong catchment effect indicated a high spatial variability in assemblage composition (p < 

0.001), which is also reflected at the level of reach (p < 0.001) (Table 4).  
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Table 4. Type 1 sums of squares PERMANCOVA with PhysChemPC (representing the first axis of a PCA of 

physiochemical data). 

Source  df MS Pseudo-F P(perm) 

      
PhysChemPC   1 6192.1 2.6445 0.008 
 
state 
 
catch 

  
1 
 
1 

 
45787 
 
12404 

 
13.65 
 
4.4328 

 
0.001 
 
0.001 

 
state*catch 
 
reach(state*catch) 
 
Residual 

  
1 
 
16 
 
79 
 

 
14849 
 
3322.2 
 
1376.8 

 
4.4828 
 
2.4129 

 
0.001 
 
0.001 

      
 

SIMPER analysis showed differences in species assemblages to be largely due to the 

dominance of the riffle beetles Elmis aenea and Oulimnius tuberculatus, and the stonefly 

Protonemura meyeri in unaugmented reaches of both the River Avon and South Teign, these 

taxa being present in relatively small numbers, if at all, in augmented reaches of either 

catchment. The stonefly Leuctra inermis was found in far greater numbers in the South Teign 

augmented reaches, an interesting contrast to the River Avon catchment where it was instead 

observed in higher abundance in unaugmented reaches. nMDS Ordination illustrates the 

distinction between augmented and unaugmented reaches in both catchments (Figure 2). 

Additionally, when added to the ordination, control reach fauna appeared to be more similar 

to unaugmented than augmented reaches (Figure 3). 
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Figure 2. Non-metric multidimensional scaling (nMDS) ordination of macroinvertebrate abundance across 

unaugmented and augmented reaches of the two study catchments. Convex hulls (shaded polygons) are overlain 

to clarify groupings according to catchment and augmentation state, where A = River Avon, ST = South Teign, U 

= unaugmented and AUG = augmented, respectively. Sample codes indicated in small black letters; species 

indicated in red, (A) = indicates adult forms for taxa which occurred as both adult and larvae; for full taxonomic 

classification see Table 2. Blue arrows represent vectors of environmental variables related to nMDS axes. 
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Figure 3. Non-metric multidimensional scaling (nMDS) ordination of macroinvertebrate abundance across 

unaugmented and augmented reaches of the two study catchments, together with control reaches sampled 

(labelled and coloured convex hulls), Where A = River Avon, ST = South Teign, U = unaugmented and AUG = 

augmented, respectively. Sample codes indicated in small black letters. 
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Functional feeding group analysis 

There were significant differences in functional feeding group composition between 

unaugmented and augmented reaches of both the River Avon (G=66.96, 4 d.f., p < 0.001), and 

South Teign (G=232.86, 4 d.f., p < 0.001). Gatherer collectors were found in higher 

abundances in unaugmented reaches in both catchments (e.g., larval Elmis aenea in both 

catchments and Oulimnius tuberculatus in the River Avon). This trend followed with 

predator/piercer/engulfers (e.g., Isoperla grammatica, both catchments) and scrapers (e.g., 

adult E. aenea). However, shredder/detritivores showed a different pattern between 

catchments: unaugmented reaches of the River Avon supported more than augmented 

reaches, whereas in the South Teign shredder/detritivores were more abundant in 

augmented reaches. Interestingly, this juxtaposition of dominance across catchments seems 

to be driven by larvae of the stonefly Leuctra inermis. (see Figure 4 and Table 2 for species 

functional group classifications). 

 

(a) 
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(b) 

Figure 4. Individual functional feeding group abundances across catchments and augmentation states; (a) River 
Avon catchment and (b) South Teign catchment. Graph codes: G/C = gatherer/collector, S/D = 
shredder/detritivore, F/C = filterer/ collector, P/P/E = piercer/predator/engulfer, S = scraper. 

 

Discussion  

This study explored the effects of augmentation of gravels on macroinvertebrates, and is the 

first time that such a study has been undertaken on upland watercourses of this type. The 

impact of gravel augmentation on macroinvertebrate assemblages has been investigated with 

varying and sometimes inconsistent results (Merz and Ochikubo Chan 2005, Sarriquet et al. 

2007, Albertson et al. 2011). In this study, control reach faunas appeared to be more similar 

in assemblage composition to unaugmented reaches on the two study rivers, which would 

seem to make sense considering the River Avon and the South Teign are, to all intents and 

purposes, ‘natural’ (at least from a flow and riffle perspective - not taking into account riparian 

input) before they flow into their respective reservoirs. In augmented catchments however, 

augmentation led to small-scale significant differences in macroinvertebrate assemblages at 
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the level of reach for individual abundance, species richness, Hill-Shannon and Hill-Simpson 

diversity. Augmentation was also observed to have a significant effect on macroinvertebrate 

assemblage composition: unaugmented reaches in both catchments were found to be 

dominated by the riffle beetles  E. aenea and O. tuberculatus, and at the River Avon, by the 

stonefly P. meyeri.  An interesting contrast between catchments was seen with L. inermis 

however, with higher densities found in unaugmented reaches of the River Avon, and in 

contrast, augmented reaches of the South Teign.  In addition, across catchments, augmented 

reaches supported higher densities of Simuliidae and Chironomidae, in particular 

Rheotanytarsus spp. Functional group composition was mainly comprised of 

gatherer/collectors and predator/piercer/engulfers in unaugmented reaches, with 

shredder/detritivores (largely L. inermis), and filterer/collectors dominating augmented 

reaches. 

The macro and meso-scale spatial invertebrate assemblage variabilities revealed in this study 

could in part be attributed to the fact that most ecosystems are heterogeneous at varying 

scales; from microhabitats, to whole landscapes and ecoregions (Heino et al. 2004). Systems 

are heirarchically organised, comprising river systems, stream segments, reach systems, 

sequences of riffle-pool and their component microhabitats (Rabeni and Jacobson 1993, 

Heino et al. 2004). At each scale, environmental conditions differ considerably, and this 

variability is in turn reflected in the heterogeneity of macroinvertebrate assemblages (Hildrew 

and Giller 1994, Poff 1997). Spatial variation in benthic macroinvertebrates has generally 

been related to in-stream factors (e.g. intra or interpecific interactions, sediment type or flow 

speed). This variation has also been studied within riffles and streams; for example, one study 

found that flow velocity was the most influential factor in predicting macroinvertebrate 

assemblages, with size of sediment being the least influential factor (Barmuta 1990). It is 

interesting to note that at small-scales (e.g. a patch of pebbles) colonisation dynamics was 

found likely to be a mixture of species and location-specific dispersal and selection 

mechanisms, with larger spatial scales being more predictable (e.g. riffles and pools differing 

substantially).  

The hyporheic zone, the interface between flow and sediment,  might be another factor 

determining small-scale reach level macroinvertebrate assemblages observed in this study 

(Stanford and Ward 1988). Saturated subsurface sediments of the hyporheic zone contain 
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proportions of groundwater and surface water. This water is thought to be a major store of 

detritus which in turn influences surface stream functioning through hydrological exchange 

(Valett et al. 1994) and heterotrophic metabolism (Mulholland et al. 1997). The hyporheic 

zone has been shown to provide refugia (Lancaster and Hildrew 1993b, a, Rice et al. 2001) for 

macoinvertebrates in times of disturbance (e.g. flood) (Wood et al. 2010), or as a resource 

patch (Bretschko 1991). Macroinvertebrates have been shown to use the hyporheic zone in 

early instars, and smaller-bodied taxa with shorter generation times have the ability to 

colonise new resources (e.g. augmented gravels) faster due to high mobility (Marzluff and 

Dial 1991).  

Strong spatial variability between catchments and reaches could also indicate small scale 

differences in colonisation patterns. In natural streams, colonisation and subsequent changes 

in dominance of species (succession) are common, particularly where subject to seasonal and 

unpredictable disturbance (e.g. floods) (Peckarsky 1986). The world of riffle dwelling 

invertebrates has been described as “an everchanging mosaic of environments in which 

elements arise, vanish, and reappear with different periodicities and predictabilities” 

(Sheldon 1977). These varying disturbances may well play a pivotal role in community 

assemblage; for instance a recently augmented reach may be kept in a nonequilibrium state 

and therefore be prevented from attaining ecological saturation and the tight species packing 

that should theoretically charaterize a stable, resource limited and niche controlled system 

(Resh et al. 1988, Townsend 1989, Mackay 1992). One method of colonisation is known as 

‘invertebrate drift’, which  refers to down-stream dispersal of benthic macroinvertebrates 

that live in or amongst the substratum of rivers and streams (Elliott 2008a). It has been 

claimed that drift is the main distributor of benthic organisms in lotic systems (Minshall 1985), 

and it has been shown in several studies that downstream dispersal follows a diel rhythmic 

pattern (e.g. most organisms drift at night) (Elliott 2008a). This rapid colonisation and 

movement of taxa from patch to patch has been deemed a key component of 

macroinvertebrate assemblages (Humphries 2002), and is another possible driver of both 

small-scale (reach level) and meso-scale (catchment level) variability. 

Variability between reaches may also be governed in part by FRS availability and its small-

scale interactions with BLG. FRS comprises both organic and inorganic particles finer than 1 

mm in diameter (Kemp et al. 2011), and when at natural levels, is an essential component of 
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habitat heterogeneity and ecosystem functioning in fluvial systems (Yarnell et al. 2006, Kemp 

et al. 2011). However, as a result of altered flow regimes caused by dams, increased 

deposition of FRS may occur (Wood and Armitage 1997, Kemp et al. 2011). FRS increases can 

have a major impact on macroinvertebrate communities; by smothering (Kefford et al. 2010, 

Kemp et al. 2011), and through limitation of oxygen and reduction of periphyton, zooplankton 

and other macrophyte and bryophyte sources of food that could alter the food chain (Palmer 

et al. 1997, Theurer et al. 1998). FRS may also fill interstitial spaces, reducing habitat 

availability for some invertebrate species (Wood and Armitage 1997, Theurer et al. 1998) and 

potentially disconnecting the hyporheic zone from benthic substrata (Mathers et al. 2022). 

Assemblage composition between unaugmented and augmented reaches differed as perhaps 

would be expected: unaugmented reaches had therefore more exposed bedrock and 

therefore supported higher levels of moss cover and were more heterogeneic in structure 

than augmented reaches. This heterogeneity encouraged higher species richness and 

abundance of shredder/detritivores such as P. meyeri; probably due to the abundance of 

bryophytes (e.g. the moss Fontinalis) as they have been shown to provide sites of refuge for 

macroinvertebrates (Cummins and Klug 1979). The passive capture of detritus particles by 

bryophytes also encourages gatherers/collectors of fine particulate organic matter. For 

example larvae of E. aenea, O. tuberculatus and L. volckmari can be seen in relative 

abundance in unaugmented reaches, along with their associated adult forms (designated as 

scrapers for this study due to differing opinions and confounding evidence as to feeding 

preferences) (Elliott 2006, 2008a, Elliott 2008b). The relatively poor dispersal abilities of L. 

volckmari  may help explain its relatively low abundance overall in unaugmented and 

augmented reaches (Friberg et al. 1998). Predators/engulfers/piercers were also marginally 

more abundant (R. munda and I. grammatica), presumably due to relatively higher 

abundance of prey, and macrophytic predatory concealment. Interestingly, R. dorsalis was 

found in higher abundance in augmented reaches. 

Augmented reaches held more gatherer/collectors than unaugmented reaches but of 

differing species: the net-spinning caddisfly P. flavomaculatus, members of the family 

Chironomidae (Rheotanytarsus, Orthocaldiinae, Tanypodinae) and the filterer/collectors 

Simuliidae. These colonisers may have drifted to the augmentation reaches or been laid as 

eggs randomly (Ogbeibu and Oribhabor 2002). P. flavomaculatus is a net-spinning predator 
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(Edington and Hildrew 1981), and has been shown to prey upon copepods, ostracods, 

Gammarus, Baetis, Ecdyonurus, Amphenemura, Chironomidae  and Simuliidae (Dudgeon 

1987). The presence of P. flavomaculatus has been shown to increase densities of 

chironomids (Diamond 1986, Englund 1993). It could be that increased P.flavomaculatus and 

their associated predatory net structures provide refuge for chironomids from other 

predators and  passively trap food resources (e.g. drifting particulates, P. flavomaculatus 

faeces or periphyton) and therefore decrease emigration (Englund and Evander 1999). In 

another study, it was found that 62 percent of chironomids were able to crawl out of  

Neureclipsis bimaculata (Polycentropodidae) nets and escape, therefore increasing 

immigration (Richardson 1984). It would be interesting to explore the possibilty that P. 

flavomaculatus is found in augmented reaches in direct response to the presence of 

Chironomids, or if the reverse is true as evidence would seem to suggest (Richardson 1984, 

Diamond 1986, Englund 1993, Englund and Evander 1999). The nets of caddisfly larvae may 

not just benefit chironomids: they may increase spatial complexity, and this complexity of 

habitat characteristically has positive impacts on many different aquatic macroinvertebrates 

(Englund and Evander 1999, Beisel et al. 2000, Cardinale et al. 2002, Death 2003, Compin and 

Céréghino 2007) Further study here may be warranted as increased heterogeneity could have 

an impact on small-scale ecosystem functioning and food availability for salmonids in reaches 

of gravel augmentation (Gurski et al. 2014). The mayfly larvae H. sulphurea was found 

exclusively in augmented reaches, and as a species normally associated with coarse stones 

and substrates this is unsurprising (Friberg et al. 1998). Another mayfly, B. rhodani, a species 

with good  dispersal abilities, was found at both catchments and in all augmentation states 

(Rondorf et al. 1990, Friberg et al. 1998, Albertson et al. 2011). 

 

Potential impacts for fish species 

Macroinvertebrates provide a crucial source of food for fish species, and changes in their 

composition and quality could directly influence fish growth and community structure 

(Williams and Wolman 1984, Kemp et al. 2011). The decline in species richness and individual 

abundance observed between unaugmented and augmented reaches in this study could have 

major consequences for fish. Young salmon have been observed to prey switch in line with 

relative abundance and profitability (Thonney and Gibson 1989). However, availability of prey 
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and carbon content have been shown to limit their survivability (Gibson 1993), with several 

studies showing correlations with salmonid size and prey availability (Egglishaw 1967, Gibson 

and Galbraith 1975, Gibson 1993). There is some evidence that young salmonids feed on 

Baetis spp. due to its abundance in stream drift (Sagar and Glova 1988, Rader 1997, Albertson 

et al. 2011), and also on relatively large invertebrate prey such as Hydropsyche spp. even 

though little time is spent in the drift (Rondorf et al. 1990, Amundsen et al. 2001, Albertson 

et al. 2011). Therefore, if preferential feeding is seen in juveniles, then relative abundances 

of preferred prey could influence predation effectiveness and capture rates (MacArthur and 

Pianka 1966, Strauss 1979, Albertson et al. 2011). This dominance shift could therefore have 

implications for fish when macroinvertebrates recolonise augmented gravels by methods 

such as drift. FRS have been shown to have multiple effects on fish when either suspended or 

after deposition; including elevated stress responses (Redding and Schreck 1982, Lake and 

Hinch 1999), or depletion of oxygen in the water column (Bruton 1985). FRS may also infiltrate 

the interstitial spaces between BLG impacting oxygen supply to developing eggs, and 

embryonic stages of excavating fish (e.g. salmonids), which can lead to weight reductions, 

morphological changes, and hypoxia (Kemp et al. 2011). All of these factors will impact 

salmonid growth and therefore availability on the commercial market (Weber et al. 2014). 
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Chapter Three: The effects of gravel augmentation on leaf litter breakdown and 

the composition of leaf pack invertebrate assemblages 

Introduction 

Riverine ecosystems have the potential to transform, store, and transfer organic matter, 

sediments, inorganic nutrients and metabolites to adjacent ecosystems (e.g., the sea or 

riparian zones). Therefore, they can be considered bioreactors, fuelled and managed by the 

ecological communities they support (Peralta-Maraver et al. 2021). Alluvial aquifers, 

floodplains, streambeds and surface waters all contribute to make up the matrix of riverine 

ecosystems, which are connected by fluxes of matter and energy across ecohydrological 

interfaces or ‘control points’ (Hedin et al. 1998). These interfaces are comprised of 

interactions of hydrological, biogeochemical, and ecological processes (Krause et al. 2011b, 

Krause et al. 2017). Ecohydrological interfaces are generally non-stationary, spatially 

heterogeneous, temporally dynamic and vary in size from the micro to the macro (Kennedy 

et al. 2009, Krause et al. 2011a, Roskosch et al. 2012). Riverine ecohydrological interfaces 

provide key ecosystem services, including purification of water, maintenance of biodiversity 

and thermal regulation (Krause et al. 2011a, Krause et al. 2011b), as well as increasing 

resilience of biota to perturbations and providing zones for potential recolonization 

(Stubbington 2012, Krause et al. 2017).  

Within all ecosystems food webs depict the impacts of community structure and ecosystem 

function on resident biota (MacArthur 1955, Woodward and Hildrew 2002). Food webs are 

spatially heterogeneous and differ between habitats, which in turn, differ in productivity, 

abundance of resources, and composition of community (Polis and Strong 1996, Doi 2009). In 

a riverine ecosystem, two classes of resource that contribute to the riverine food web and 

therefore the overall health of an ecosystem are autochthonous (e.g. phytoplankton) and 

allochthonous (e.g. leaf litter) inputs, and in the riverine ecosystem form the major part of 

the food web (Polis and Strong 1996, Doi 2009). The relative contribution of these inputs to 

the overall ecosystem will depend on the relative amounts of autocthonous production and 

allochthonous subsidies (leaf litter for example) (Lidman et al. 2017, Wymore et al. 2018, Ding 

and Wang 2019, Santonja et al. 2019).  In stream ecosystems, riffles and pools are examples 

of different forms of ecohydrological interface, which then lead into larger rivers and form 
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the lower part of the catchment, which in turn continues into brackish estuary, and then on 

and into the sea (Vannote et al. 1980, Doretto et al. 2020). 

Leaf litter is a key contributor to the allochthonous quotient of energy of many riverine 

ecosystems (Cummins et al. 1973, Petersen and Cummins 1974, Shieh et al. 2008, Pozo et al. 

2011). The breakdown and decomposition of leaf litter in riverine ecosystems is generally 

driven by extrinsic factors e.g. environment or water characteristics (Woodward et al. 2012, 

Zhang et al. 2018) and intrinsic factors e.g. the traits of litter (Schindler and Gessner 2009, 

Walpola et al. 2011, Pettit et al. 2012). In temperate zones litter fall and therefore litter input 

into streams is seasonal (Graça 2001), and this seasonality may cause shortages of detritus at 

certain times of year, or between seasons, consequently restricting food availability (Petersen 

Jr et al. 1989). The river continuum concept (RCC) (Vannote et al. 1980, Green et al. 2022) was 

developed for rivers and streams in the U.S. where many of the headlands of  river systems 

are forested, and posits that headwaters (orders 1- 3) have large inputs of riparian subsidies 

as they flow through forested areas, which lowers autotrophic production by shading and 

producing relatively large quantities of allochthonous input. As a result, benthic microalgal 

food sources and macroinvertebrate food sources potentially shift to subsidized terrestrial 

matter (Hill and Knight 1988, Hill et al. 1995). However, anthropogenic perturbation of natural 

riparian landscapes (e.g. deforestation) may reduce allochthony and thereby increase 

autochthony (Jonsson and Stenroth 2016).  

Riverine macroinvertebrates utilize riparian vegetation in a variety of ways throughout their 

lifecycle inhabiting different zones throughout ontogeny (Cummins et al. 1989a, Cummins et 

al. 1989b). As terrestrial adults they may use riverine riparian vegetation for mating, feeding, 

dispersal and for refuge (Brown 1987, Jackson and Resh 1989, Sweeney 1993, Reinhart and 

VandeVoort 2006), whereas as aquatic larvae, they may use leaf litter as a food source or as 

refuges (Oester et al. 2022). The most prevalent macroinvertebrate taxa in stream 

ecosystems are Odonata (Dragonflies), Plecoptera (Stoneflies), Ephemeroptera (Mayflies), 

Diptera (Flies) and Trichoptera (Caddisflies) (Graça 2001). Macroinvertebrates are generally 

classified functionally by the way they feed, as opposed to food source (Wallace and Webster 

1996). Key functional feeding groups (FFG) are: (1) Piercer/Predator/Engulfers (P/P/E) which 

feed on other organisms; (2) Grazers-scrapers (S) which feed on biofilm on submerged 

structures (Cummins et al. 1984); (3) Filterer/Collectors (F/C) which feed on fine particulate 
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organic matter (FPOM) filtered from the water column:  (4) Gatherer/Collectors (G/C) which 

take FPOM directly from the substrate (Cummins et al. 2005); and (5) Shredder/Detritivores 

(S/D) which feed on coarse particulate organic matter (CPOM), including leaf litter (Ruetz et 

al. 2002). Most of these functional groups other than predators can function as detritivores 

(Graça 2001).  

Research to date on leaf litter breakdown in streams has focussed primarily on rates of 

decomposition, often without reference to macroinvertebrate involvement (Marks 2019).  

However, a body of work has investigated macroinvertebrate functional traits and 

subsequent utilization of leaf litter as a proxy for functional diversity. (Petersen and Cummins 

1974, Boling Jr et al. 1975, Suberkropp et al. 1976, Ward and Cummins 1979, Newbold et al. 

1982, Webster and Benfield 1986, Richardson 1992, Wallace et al. 1997, Jonsson and 

Malmqvist 2000, Bergfur 2007, Péru and Dolédec 2010, Classen-Rodríguez et al. 2019). The 

exclusion of leaf litter results in reduction of both biomass and abundance of benthic 

macroinvertebrates (Wallace et al. 1997, Wallace et al. 1999). In particular, the exclusion of 

litter may impact S/D, G/C and P/P/E which in turn reduces secondary production (Graça 

2001). Potential impacts on leaf litter production include anthropogenic perturbations such 

as deforestation and dam creation. 

Potentially significant impacts on leaf litter production and supply include anthropogenic 

perturbations such as deforestation and dam creation, and Dartmoor National Park, like much 

of northern Europe, is believed to of once had a fully wooded upland, but has a long (in 

anthropogenic terms) history of human settlement, gradual deforestation (Simmonds 1970) 

and other anthropogenic perturbations (Thorndycraft et al. 1999, Thorndycraft et al. 2004). 

In addition to such factors, the creation of dams will clearly impact leaf litter supply and 

breakdown directly and indirectly, by changing the physical environment downstream; these 

changes having impacts on litter supply and retention and macroinvertebrate assemblages. 

This study expands on the work described in Chapter 2 by examining the impact of gravel 

augmentation on leaf litter breakdown and macroinvertebrate biodiversity. Specifically, it 

compares rates of leaf mass loss and the composition of colonizing macroinvertebrate 

assemblages between gravel augmented and unaugmented reaches in the River Avon and 

South Teign, two dammed, sediment-starved catchments on Dartmoor, Devon, UK, the first 

time this has been examined in upland watercourses of this type. 
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Materials and methods 

Study catchments 

Leaf packs were installed in Dartmoor National Park, Devon, UK in unaugmented and 

augmented reaches of the Rivers Avon and the South Teign (Figure 5 and Table 5). These two 

catchments were subject to a series of planned gravel augmentations of mixed gravel size (4 

– 100mm), undertaken over a six-year period from 2014 – 2019 by Westcountry Rivers Trust. 

The River Avon rises 460 m above sea level on the Aune Head mires, south Dartmoor. Its 

catchment extends over 110.5 km2 and flows 40 km from source to sea. The River Avon is 

dammed by the Avon Reservoir, which was constructed in 1957 (Bogle et al. 1959). The River 

Avon’s major tributaries include Bala Brook and Glaze Brook, both of which have sources on 

the moor itself (Environment Agency 2003). The South Teign rises near Grey Wethers on north 

Dartmoor, which then feeds Fernworthy reservoir 19 km from the Avon Dam. The beds of the 

River Avon and the South Teign mainly consist of large cobbles and boulders, with sizable 

areas of exposed bedrock and bed load gravel deposits. The uplands of Dartmoor produce 

relatively low levels of BLG. However, it is believed that the River Avon and Fernworthy Dams 

have reduced sediment supply to downstream reaches, with the potential for deleterious 

impacts on aquatic life (Downs et al. 2016). 



 

39 
 

 

Figure 5. Location of Dartmoor National Park leaf pack study reaches. The inset shows catchments within the 
British Isles: a) River Avon catchment, b) South Teign catchment. Individual leaf pack installation reaches are 
marked on the map and coloured white/grey to distinguish augmentation state (Digimap 2021). 

 

 

Table 5. Leaf pack installation information. 

 

Catchment Reach Augmentation 
state 

Lat/long Elevation 

River Avon 1 unaugmented 50°28'45.8"N 3°52'54.2"W 351m 
River Avon 2 unaugmented 50°28'41.1"N 3°52'45.9"W 349m 
River Avon 3 unaugmented 50°28'38.4"N 3°52'31.8"W 345m 
River Avon 4 augmented 50°27'29.2"N 3°51'37.2"W 268m 
River Avon 5 augmented 50°27'29.5"N 3°51'35.1"W 266m 
River Avon 6 augmented 50°27'01.4"N 3°51'27.2"W 218m 
South Teign 7 unaugmented 50°38'19.8"N 3°54'19.6"W 383m 
South Teign 8 unaugmented 50°38'18.4"N 3°54'13.5"W 379m 
South Teign 9 unaugmented 50°38'16.7"N 3°54'07.4"W 365m 
South Teign 10 augmented 50°38'38.6"N 3°52'48.6"W 331m 
South Teign 11 augmented 50°39'46.7"N 3°52'05.4"W 244m 
South Teign 12 augmented 50°39'49.6"N 3°51'59.6"W 243m 
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Leaf pack experiments  

Leaf pack construction, collection and processing followed the method outlined in (Benfield 

et al. 2017).  Oak (Quercus robur) leaves were collected from trees local to the study 

catchments shortly after abscission, and air dried in the laboratory for three weeks until they 

reached constant dry mass (CDM), this dried matter was then used to construct leaf packs. 

120 mesh bags (10 cm x 17 cm) were constructed; 60 bags from 5 mm mesh fabric (to allow 

ingress of macroinvertebrates), and 60 from 0.25 mm (hereafter micro) mesh fabric (to 

control for microbial mass loss). All bags were filled with 7 g of dried leaf matter (± 0.1 g). 

Packs were inserted into both catchments, fastened to large rocks in riffle areas with either 

unaugmented or augmented gravels (5 x 5mm mesh and 5 x micro mesh packs per reach, 3 

reaches per augmentation state). Each rock had both a 5 mm bag and a micro mesh bag 

attached. Rocks were strung together with strong wire and tied to a bankside feature to 

minimize loss in the event of spates/flooding. Leaf packs were positioned on rocks to attempt 

to imitate natural leaf packs (i.e., upstream of the rock they were attached to). Due to the 

relatively slow breakdown of oak species leaves (Petersen and Cummins 1974) and to allow 

colonisation by macroinvertebrates, leaf packs were inserted between 27th  – 30th  July 2020 

and collected 21st – 24th September 2020 after 56 days of immersion. Leaf packs were 

retrieved from reaches, numbered and placed in individual plastic pots with 80% ethanol for 

subsequent processing. In the laboratory, leaf packs were removed from pots and 

macroinvertebrates identified in a plastic tray marked with a 5 cm grid, prior to washing and 

sieving the remaining leaf matter of silt and mineral deposits in a 250 μm sieve. Retained leaf 

matter was air-dried in pre-weighed brown paper bags for three weeks to return material to 

CDM and then re-weighed. Organisms were identified to species level where possible, except 

for Simuliidae (family level), Chironomidae (sub-family), Rheotanytarsus spp. and Elodes spp. 

(genus). Organisms were examined using a Meiji Techno binocular microscope (10-75x 

magnification) with a Phototonic A1160 light source. An Olympus G72110 compound 

microscope (x100 magnification) was used when closer examination was required (e.g., Baetis 

spp. gill plates). 
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Data analyses  

A general linear model was run with total mass loss of micro bags as the dependant variable 

to interrogate the possible effects of state, catch, and reach on micro mesh pack mass loss. 

Linear mixed models = state * catch + reach (state * catch) were employed to examine the 

effect of augmentation state, catchment and reach on total number of individuals (Ind), 

number of species (S), Hill-Shannon diversity index, and Hill-Simpson diversity index found in 

5 mm mesh leaf packs. Hill-Shannon and Hill-Simpson numbers were calculated and used in 

place of Shannon’s and Simpsons diversity indices, as this conversion produces the effective 

number of species and is therefore a more accurate representation of assemblage 

composition (Hill 1973, Chao et al. 2014).  The difference in mass between micro and 5mm 

mesh packs of each leaf pack sample pair (inter-pack mass loss) was calculated and used as 

the dependent variable in the same model with (Ind), (S), Hill-Shannon diversity index, and 

Hill-Simpson diversity index as covariates, to explore the influence of both 

catchment/state/reach and macroinvertebrate assemblage parameters on leaf litter 

breakdown. Univariate analyses were undertaken in IBM SPSS for Windows, version 24.0 (IBM 

Corp 2016).  

Organisms were assigned to functional feeding groups (FFGs) following (Merritt and Cummins 

1996), and FFG frequencies generated from abundance data. These data were then analysed 

using a goodness of fit G-test to explore possible differences in functional assemblage 

composition between unaugmented and augmented reaches.  

Permutational multivariate analysis of variance (PERMANOVA) undertaken in PRIMER 

version.7 (Clarke et al. 2014) was employed to test for the effects of augmentation state, 

catchment and reach (nested within both catchment and augmentation state) on 5 mm leaf 

pack macroinvertebrate assemblage composition. SIMPER analysis was undertaken using the 

vegan package (Oksanen 2013) in R version. 3.4.2 (Team 2016) to examine which species 

contributed most to the dissimilarity between reaches and catchments. To visualize patterns 

in assemblage composition across sites and augmentation states, 2-dimensional 

multidimensional scaling (nMDS) was conducted using the Bray-Curtis similarity index based 

upon log10 transformed abundances in the routine metaMDS in the vegan package. 

 



 

42 
 

Results 

Univariate analyses 

A GLM using micro mesh mass loss as the dependent variable showed a significant effect of 

state on mass loss but at no other level, with higher mass loss found in augmented reaches 

for pairwise comparisons at both the River Avon (p < 0.01) and South Teign (p < 0.05) (Figure 

6, Table 6). In total, 1808 individual organisms from 28 taxa were recorded across all 5 mm 

leaf packs (Table 7). General linear mixed models indicated significant effects of state on 

individual abundance (p < 0.01) and Hill-Shannon diversity (p < 0.05), with significant effects 

being found at the level of state*catch for species richness (p < 0.01), Hill-Shannon diversity 

(p < 0.001) and Hill-Simpson diversity (p < 0.001). In addition, reach (state*catch) was shown 

to have a significant impact on individual abundance (p < 0.01) (Figure 7, Table 8). Pairwise 

comparisons for the effect of state yielded significant results across all dependent variables, 

with unaugmented reaches showing greater faunal abundance for five out of 8 pairwise tests 

(Table 8). GLM analyses with inter-pack differences in mass loss as the dependent variable 

and individual abundance, species richness, Hill-Shannon diversity and Hill-Simpson diversity 

as covariates, revealed that differences in macroinvertebrate abundance and diversity did not 

appear to significantly affect leaf mass loss (Table 9). There was also no significant overall 

effect of state on the rate of leaf litter breakdown by macroinvertebrates, but significant 

differences in leaf mass loss were observed at the level of reach (Table 9). Pairwise 

comparisons between augmentation states within catchments, however, showed significant 

interactions between state and all four covariates in the South Teign catchment, with 

significantly more mass lost in augmented reaches (Table 9).  
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Figure 6. Mean total mass loss across micro and 5mm mesh leaf packs at catchments: River Avon unaugmented 
(AU), River Avon augmented (AA), South Teign unaugmented (STU) and South Teign augmented (STA). Error bars 
represent standard error (SE) of the mean. 

 

 

 

Table 6. General linear model results for total mass loss of micro mesh leaf packs as the dependent variable with 

associated pairwise comparisons. Asterisks (*) indicate level of significance (p < 0.05 = *, p < 0.01 = **, p < 0.001 

= ***).  The code (a) indicates significantly higher mass loss in augmented reaches. 

Source  df MS F Sig. 

      
 
state 
 
catch 

  
1 
 
1 

 
1.690 
 
.010 

 
10.721 
 
.063 

 
0.01 
 
0.809 

 
state*catch 
 
reach(state*catch) 
 
Avon state  
 
South Teign state  
 

  
1 
 
8 
 

(a) ** 
 

(a) * 

 
.049 
 
.158 

 
.309 
 
1.385 

 
0.593 
 
0.227 
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Table 7. Species list with assigned functional feeding group (FFG) and individual abundances in 5 mm leaf packs 

across all reaches/catchments (AU = River Avon unaugmented, AA = River Avon augmented, STU = South Teign 

unaugmented, STA = South Teign augmented). All species are larval unless otherwise listed as (Adult). FFG codes: 

G/C = gatherer/collector, S/D = shredder/detritivore, F/C = filterer/ collector, P/P/E = piercer/predator/engulfer, 

S = scraper. 

 

Order Species FFG AU AA STU STA 
       
Trichoptera (Caddisflies) Hydropsyche siltalai Döhler, 1964 F/C 21 15 0 33 
 Rhyacophila munda McLachlan, 1862 P/P/E 11 0 0 5 
 Rhyacophila dorsalis (Curtis, 1834) P/P/E 21 0 5 13 
 Polycentropus flavomaculatus (Pictet, 

1834) 
F/C 32 10 2 27 

       
Ephemeroptera 
(Mayflies) 

Baetis rhodani Pictet, 1845 G/C 59 0 40 0 

       
Plecoptera (Stoneflies) Leuctra inermis Kempny, 1899 S/D 199 71 132 82 
 Leuctra moselyi Morton, 1907 S/D 20 0 0 0 
 Amphinemura sulcicollis (Stephens, 1836) S/D 0 0 0 4 
 Protonemura meyeri (Pictet, 1841) S/D 81 127 146 28 
 Isoperla grammatica (Poda, 1761) P/P/E 0 0 0 2 
       
Coleoptera (Beetles) Elmis aenea (Müller, P.W.J., 1806) G/C 190 17 68 5 
 Oulimnius tuberculatus (Müller, P.W.J., 

1806) 
G/C 51 16 0 4 

 Limnius volckmari (Panzer, 1793) G/C 57 1 0 3 
 Esolus parallelepipedus (Müller, P.W.J., 

1806) 
G/C 4 0 2 0 

 Elmis aenea (Adult)  S 15 0 8 2 
 Oulimnius tuberculatus (Adult) S 5 0 0 0 
 Limnius volckmari (Adult) S 11 0 0 1 
 Elodes sp. Latreille, 1796 G/C 5 2 21 3 
       
Amphipoda (Amphipods) Gammarus pulex Linnaeus, 1758 

 
S 0 0 0 32 

       
Diptera (Flies) Ibisia marginata (Fabricius, 1781) P/P/E 6 14 2 6 
 Dictenidia bimaculata (Linnaeus, 1761) P/P/E 6 0 0 4 
 Tipulidae sp. Latreille, 1802 P/P/E 0 0 1 0 
 Chironominae spp. G/C 7 1 5 12 
 Tanypodinae spp.  G/C 6 3 12 6 
 Orthocladiinae spp. (Lenz, 1921) G/C 0 0 0 8 
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Figure 7. Mean number of (a) individual abundance, (b) species richness, (c) Hill-Shannon numbers and (d) Hill-

Simpson numbers found in 5mm mesh leaf packs at catchments: River Avon unaugmented (AU), River Avon 

augmented (AA), South Teign unaugmented (STU) and South Teign augmented (STA). Error bars represent 

standard error (SE) of the mean. 

Table 8. General linear model results for individual abundance, species richness, Hill-Shannon numbers, Hill-

Simpson numbers as the dependent variable and associated pairwise comparisons. Asterisks (*) indicate level of 

significance (p < 0.05 = *, p < 0.01 = **, p < 0.001 = ***). The codes (u) or (a) indicate significantly higher values 

in either unaugmented or augmented reaches. 

Source Individual 
abundance 

Species richness Hill-Shannon Hill-Simpson 
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Avon state  
 
South Teign state  
 

   (u) *** 
 
    (u)** 
 

      (a)*** 
 
        (u)* 
 

   (u)*** 
 
    (a)* 
 

  (u)*** 
 
   (a)** 
 

     
 

Table 9. General linear model results with inter-pack mass loss as the dependent variable and individual 

abundance, species richness, Hill-Shannon diversity, and Hill-Simpson diversity as individual covariates in 

separate GLM models, along with associated pairwise comparisons. Asterisks (*) indicate level of significance (p 

< 0.05 = *, p < 0.01 = **, p < 0.001 = ***). The code (a) indicates significantly higher mass loss in augmented 

reaches. 

Source Individual 
abundance 

Species richness Hill-Shannon Hill-Simpson 
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reach(state*catch) 
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South Teign state 
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  (a)** 
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       ns 
 
       * 
 
 
       ns 
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      ns 
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Functional feeding group analysis 

Functional feeding group analysis showed significant differences between unaugmented and 

augmented reaches at both the River Avon (G=147.80, 4 d.f., p < 0.001), and South Teign 

catchments (G=212.78, 4 d.f., p < 0.001) (Figure 8.). G/C and S/D were found in higher 

abundance in unaugmented reaches. This was driven by the S/D stonefly Leuctra inermis, and 

the G/C mayfly Baetis rhodani and the riffle beetle Elmis aenea. Leaf packs from Avon 

unaugmented reaches also held Oulimnius tuberculatus and Limnius volckmari, which were 

not found in those from unaugmented reaches of the South Teign. F/C, P/P/E and S showed 

contrasting patterns of abundance in leaf packs between the two catchments, with more 

being observed in unaugmented reaches of the River Avon, and in augmented reaches of the 

South Teign. This was largely driven by the Trichopteran F/C Hydropsyche siltalai and 
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Polycentropus flavomaculatus, and the P/P/E Rhyacophila munda and Rhyacophila dorsalis. 

In addition, the stonefly S/D Protonemura meyeri, was found in relatively high abundance in 

augmented reaches of the River Avon catchment, and in contrast, in relatively higher 

abundance in unaugmented reaches of the South Teign. 
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Figure 8. Individual functional feeding group abundances across catchments and augmentation states: (a) River 

Avon catchment and (b) South Teign catchment. Graph codes: G/C = gatherer/collector, S/D = 

shredder/detritivore, F/C = filterer/ collector, P/P/E = piercer/predator/engulfer, S = scraper. 

 

Multivariate analyses 

Type 1 sums of squares PERMANOVA indicated a significant effect of augmentation state on 

leaf pack macroinvertebrate assemblage composition (p < 0.01), which was reflected at 

catchment level (p < 0.05), state*catchment level (p < 0.01) and at the level of reach (p < 

0.001) (Table 10). 

Table 10. Type 1 sums of squares PERMANOVA for leaf pack macroinvertebrate assemblage composition 

Source  df MS Pseudo-F P(perm) 

      
 
state 
 
catch 

  
1 
 
1 

 
14857 
 
7193.5 

 
4.602 
 
2.2282 

 
0.004 
 
0.024 

 
state*catch 

  
1 

 
19602 

 
6.072 

 
0.003 
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reach(catch*state) 
 
Res 
 
 

 
8 
 
48 
 
 

 
 228.3  
 
1020.8  

 
3.1627 

 
0.001  

      
 

nMDS ordination (Figure 9) indicated separation of unaugmented and augmented reaches in 

both catchments. However, there was considerable overlap between River Avon augmented 

and South Teign unaugmented leaf packs, driven by the presence of Protonemura meyeri, 

Ibisia marginata and Elodes sp. at South Teign unaugmented sites. 

 

Figure 9. Non-metric multidimensional scaling (nMDS) ordination of macroinvertebrate abundance across 
unaugmented and augmented reaches of the two study catchments. Convex hulls (shaded polygons) are overlain 
and coloured to clarify groupings according to catchment and augmentation state, where AA = River Avon 
augmented, AU = River Avon unaugmented, STA = South Teign augmented, STU = South Teign unaugmented and 
states AUG and UNAUG respectively. Sample codes indicated in small black letters; species indicated in red, (A) 
= adult forms for taxa which occurred as both larvae and adults; for full taxonomic classifications see Table 6. 
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Discussion 

This study explores, for the first time, the impact of augmented gravels on leaf litter 

breakdown and associated colonizing macroinvertebrate assemblages in sediment starved 

upland watercourses. The influence of gravel augmentation on macroinvertebrate 

assemblages has been studied with varying and sometimes inconsistent results (Merz and 

Ochikubo Chan 2005, Sarriquet et al. 2007, Albertson et al. 2011). Similar varying results have 

been seen for leaf litter breakdown and associated macroinvertebrate assemblages, with 

work to date mainly focussing on decomposition rates (Marks 2019). Macroinvertebrate 

functional traits and the utilization of leaf litter breakdown and loss as a surrogate for 

functional diversity and therefore ecosystem function has been a developing field for decades 

(Petersen and Cummins 1974, Boling Jr et al. 1975, Suberkropp et al. 1976, Ward and 

Cummins 1979, Newbold et al. 1982, Webster and Benfield 1986, Richardson 1992, Wallace 

et al. 1997, Jonsson and Malmqvist 2000, Bergfur 2007, Péru and Dolédec 2010, Classen-

Rodríguez et al. 2019, Fornaroli et al. 2019, López-Rojo et al. 2019, Walpola et al. 2019, Oester 

et al. 2022).  The study of riverine microbial decomposition is similarly well documented 

(Cummins 1973, Kaplan and Bott 1983, Findlay and Arsuffi 1989, Petersen et al. 1989, Meyer 

1994, Jansson et al. 1999, Gulis and Suberkropp 2003, Yoshimura et al. 2008, Marks et al. 

2009, Kominoski et al. 2011, Besemer et al. 2013, Newman et al. 2015, Bastias et al. 2018, 

Santonja et al. 2018, Lin et al. 2019, Vander Vorste et al. 2019). This study combines these 

distinct fields of research to investigate how leaf litter and corresponding macroinvertebrate 

functional assemblages respond to gravel augmentation. 

In summary, gravel augmentation had no consistent effect on inter-pack mass loss. There 

were however, small but significant differences in mass loss at reach scale in both rivers, 

indicating high spatial variability within the catchments studied. Inter-pack mass loss in the 

South Teign was significantly higher in augmented reaches. In contrast, this was not borne 

out on the River Avon, where augmentation did not have a consistent impact. Augmentation 

state had an impact on micro leaf pack mass loss, with a weak effect at the South Teign, but 

a stronger effect at the River Avon. More mass was lost at both catchments for both 

augmentation states in 5mm leaf packs than micro leaf packs, with the largest differential in 

mass loss observed at South Teign augmented reaches. 



 

51 
 

This study revealed significant small and large-scale differences in the composition of 

macroinvertebrate assemblages colonizing 5 mm leaf packs. Augmentation yielded significant 

differences both within and between catchments. Within catchments, augmentation led to 

lower abundance, species richness and diversity overall at River Avon unaugmented reaches. 

In contrast, in the South Teign, other than for species abundance, augmented reaches were 

richer and more diverse. Augmentation led to significant differences in assemblage 

composition for individual abundance, as well as Hill-Shannon diversity, with species richness, 

Hill-Shannon and Hill-Simpson diversity significantly different at catchment level. At reach 

level, augmentation had a significant impact on individual abundance, with unaugmented 

catchments yielding higher scores in 5 out of 8 pairwise tests.  Functionally, the River Avon 

held higher abundances of G/C and S/D in unaugmented reaches, with the same pattern seen 

at the South Teign. However, F/C, P/P/E and S where found in higher abundances in the South 

Teign augmented reaches, in contrast to the River Avon, indicating potential small-scale reach 

effects of augmentation. Large-scale differences were seen in macroinvertebrate composition 

between and within catchments at all levels and augmentation states, indicating high spatial 

variability. 

The small scale differences in colonisation patterns and associated mass loss of leaf packs 

observed both between catchments, reaches and augmentation states may be driven, in part, 

by succession, especially if the catchment is subject to seasonal or unpredictable 

perturbations (Peckarsky 1986, Resh et al. 1988, Bergfur 2007). One process of colonisation, 

known as drift, is the downstream movement of macroinvertebrates (Elliott 2008a, Naman et 

al. 2016). ‘Active drift’ (where taxa leave the substrate and drift on purpose) has been 

observed to be one of the main dispersal methods utilized by benthic organisms in lotic 

environments,  and likely follows a diel rhythmic pattern (Elliott 1965, 1967, 1968, Radford 

and Hartland.R 1971). However, ‘passive drift’ (where taxa are dislodged and travel 

downstream by environental stress e.g. flooding) may be caused by disturbances, and 

therefore disturbances have the potential to play pivotal roles in macroinvertebrate 

assemblages (Naman et al. 2016). It is possible that disturbances, in combination with dams, 

impoundment, and associated gravel augmentations (Staentzel et al. 2019b, Wang et al. 2021, 

Wang et al. 2023) may keep reaches in a state of non-equilibrium, preventing the attainment 

of ecological saturation, and species packing that denotes a stable, niche controlled 
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ecosystem (Suberkropp and Klug 1980, Resh et al. 1988, Townsend 1989, Choné and Biron 

2016). 

The overall ‘patchiness’ of macroinvertebrate assemblages within leaf packs may also be due 

to the riparian structure of the catchments: the River Avon above the dam has no tree cover 

whereas the South Teign above the dam is partially forested with mixed woodland. Both have 

been subject to anthropogenic perturbations (Jukes-Browne 1904, Bogle et al. 1959, 

Simmonds 1970, Thorndycraft et al. 1999, Thorndycraft et al. 2004). Large lakes and rivers are 

generally believed to be autochtnonous,  whereas upland headwaters are generally believed 

to mainly rely on allocthonous inputs from riparian vegetation (Webster et al. 1999, Jonsson 

and Stenroth 2016). However, with a lack of riparian vegetation and woodland at the River 

Avon catchment above the dam, its seems likely that it relies on autocthonous inputs (for 

example benthhic algae) due to higher light intensity than would otherwise be expected in a 

forested upland riverine ecosystem. This has the potential to impact macroinvertebrate 

assemblages (Doi 2009, Jonsson et al. 2018). The lack of riparian input may account for the 

relative domination of River Avon unaugmented reach leaf packs by riffle beetle species (e.g. 

Elmis aenea) (G/C) or (S) and their relative absence in augmented reaches. This could be 

potentially due to adults having been found to feed on periphytic algae and detritus, or if 

adults and larvae had yet to enter the drift (Brown 1987, Elliott 2006, Elliott 2008b). The 

distribution of S/D Protonemura meyeri seemed to follow this pattern in the River Avon and 

the South Teign, with higher abundances observed in augmented reaches of the River Avon, 

and unaugmented reaches of the South Teign, which would be expected due to either an 

absence, or presence, of allocthonous riparian inputs respectively (Kaushik and Hynes 1971, 

Cummins et al. 1973, Oester et al. 2022). The S/D Leuctra inermis was found in relatively high 

adundance in River Avon and South Teign unaugmented reaches, and in lesser abundance in 

augmented reaches. As Leuctra inermis is considered functionally similar to Protonemura 

meyeri, this is an unexpected difference (Wantzen and Wagner 2006, Vitecek et al. 2017).  

The differences in macroinvertebrate colonisation and leaf litter breakdown may be related 

to aquatic hyphomycetes, which have been shown to increase the rate of consumption of leaf 

litter by aquatic macroinvertebrates both through conditioning of the litter, and by their 

presence as a macroinvertebrate food source. This allows further breakdown and availabilty 

within riverine ecosystems (Cummins and Klug 1979, Ferreira et al. 2016). Ingoldian fungi are 
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aquatic hyphomycetes first encountered and published in the UK in 1940  (Ingold 1942), which 

upon colonisation of aquatic leaf litter convert leaf matter from coarse to fine particulates 

causing loss of mass (Barlocher 1979, Bärlocher 1982). Aquatic hyphomycetes are likely to 

have a role in the breakdown of study leaf packs at both micro and 5mm sizes. As 5mm leaf 

packs lost more mass overall than micro mesh packs, it is possible that leaf matter was not 

only consumed and conditioned by aquatic fungi, but that their presence also facilitated 

macroinvertebrate feeding interactions e.g. S/D Protonemura meyeri at the River Avon 

augmented reaches and in both states at the South Teign, and S/D  Leuctra inermis at South 

Teign unaugmented reaches. The presence of aquatic hyphomycetes has been shown to 

increase with higher riparian leaf input which they consume (Srivastava and Lawton 1998, 

Ferreira et al. 2016).  Therefore, at catchments such as the River Avon above the dam where 

deforestation has occurred, a potential lack of fungal biomass and diversity may contribute 

to a lack of aquatic macroinvertebrate biodiversity, potentially impacting the entire food web. 

It is notable that more mass was lost in augmented reaches of both catchments (of both micro 

and 5mm leaf packs), with the overall highest inter-pack difference in South Teign augmented 

reaches. The South Teign catchment is forested throughout its length as discussed, therefore 

potentially an accumulation of leaf litter and detritous may have facilitated a larger 

accumulation of aquatic hyphomycetes.  However, the South Teign in the reaches above the 

dam is made up of mixed woodland including pine, which has been observed to inhibit fungal 

growth (Bärlocher and Oertli 1978). This may explain why the greatest inter-pack mass loss 

was seen in augmented reaches of the South Teign where there could be relatively less 

inhibition to microbial activity. 

Overall, damming of streams and rivers has the potential to impact entire riverine 

ecosystems, altering flow, temperature and production, by changing macroinvertebrate 

assemblage structures and thereby altering functional diversity and food webs (Vannote et 

al. 1980, Vannote and Sweeney 1980, O'Sullivan et al. 2022, Oester et al. 2022). The current 

findings support these conclusions in regard to macroinvertebrate distributions, particularly 

of S/D and G/C, and  inter-pack and overall mass loss. Species found in leaf packs were in  

general functionally different between catchments depending on ‘normal’ riparian subsidies 

and augmentation state. Further studies of this relationship could potentially include 

macroinvertebrate biomass and the quantification and functionality of assemblages of 
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aquatic hyphomycetes present to discern a relationship (if any) between unforested/forest 

reaches and relationships with augmentation. The findings in this study suggest that the 

augmentation of gravels in perturbed catchments may have an impact on ecosystem 

functioning and macroinvertebrate assemblages. However, this seems to largely depend on 

small-scale reach level in-river conditions and local availability of riparian input. 
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Chapter Four: Conclusion 

This thesis investigated potential impacts of gravel augmentation on macroinvertebrate 

assemblage composition, functional diversity and leaf litter breakdown at both macro and 

meso-scale across two low-order, sediment-starved streams on Dartmoor, UK. It aimed to 

provide insight on potential changes to ecosystem functioning caused by gravel augmentation 

and consequential drivers of the down-stream deleterious impacts of gravel augmentation on 

higher trophic levels (e.g., salmonids)  The exclusion of leaf litter may potentially restrict 

macroinvertebrate functionality, in particular G/C, S/D and P/P/E’s, thereby reducing 

secondary production (Graça 2001, Wang et al. 2023).  

In total, 5641 individuals from 44 taxa were recorded across both studies and catchments. 

Evidence was found that augmentation led to both small and large-scale differences in 

assemblage composition and functioning in both studies. This highlights the potential of 

augmentation to impact assemblages at varying scales, and therefore perturb ecosystem 

functionality, potentially also influencing higher trophic levels. Leaf litter breakdown across 

both catchments was higher in augmented reaches for both micro and 5mm leaf packs, with 

small-scale variation within catchments for inter-pack mass loss. Whether the differences in 

macroinvertebrate assemblage, diversity and functionality, and leaf pack mass loss are due 

solely to the effects of augmentation, or to a combination of augmentation and various other 

biological or environmental factors (including historical perturbations) remains unclear and 

merits further investigation. 

Looking at the differences in individual abundance patterns between studies more closely, it 

appears that only certain species were found across both survey and leaf pack studies, with 

only a certain subset of taxa colonising leaf packs.  B. rhodani (G/C) (Ephemeroptera) was the 

only mayfly species to be found in both studies. It was found for all augmentation states for 

the survey study. In contrast, it was found only in unaugmented reaches of both catchments 

in the leaf pack study. R. munda (P/P/E), R. dorsalis (P/P/E) and P. flavomaculatus (F/C) 

(Trichoptera) showed varying individual abundances between studies and augmentation 

states. P. flavomaculatus was found in both studies, in both catchments, for both 

augmentation states. Although the high abundance of chironomids is not reflected in the leaf 

pack study as it is in the survey, this may be an example of P. flavomaculatus’ adaptability in 
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habitat choice and feeding strategies. For example the use of spun-nets on benthic gravels, 

boulders or rocks, or free roaming inside leaf packs demonstrates the potentially wide niche 

breadth of P. flavomaculatus’ (Reiso and Brittain 2000) in particular as the cost of net building 

has been demonstrated to detrimentally impact biota weight, and therefore fitness (Dudgeon 

1987). Of the Plecoptera, two species are worth noting. Each of L. inermis (S/D) and P. meyeri 

(S/D), were found for both augmentation states at both catchments and in both studies. 

However, for the survey study, there was a higher abundance of L. inermis in unaugmented 

reaches of the River Avon, whereas at the South Teign, a higher abundance was found in 

augmented reaches. This is in contrast to the leaf pack study, where a higher abundance of  

L. inermis were observed in unaugmented reach leaf packs of both catchments. For P. meyeri, 

the survey study found higher abundances in augmented reaches for both catchments. 

However, the leaf pack study found higher abundances in augmented reaches of the River 

Avon, which, given the relative lack of riparian input above the dam at the River Avon is not 

surprising. In contrast, unaugmented reaches of the South Teign held higher abundances of 

P. meyeri. Coleoptera showed similar patterns across both studies, with higher abundances 

generally found in unaugmented reaches, the most abundant being E. aenea for both larval 

(G/C) and adult (S) forms. Diptera were found in higher abundances in the survey study, in 

particular Simuliidae spp. (F/C). which were seen between both catchments, and for both 

augmentation states.  Chironomids were, however, generally found in higher abundance in 

augmented reaches. The presence of I. marginata (P/P/E) in higher abundances in the leaf 

pack study was particularly notable, likely due to the relative concentration of 

macroinvertebrate prey items in leaf packs (Benson and Pearson , McArthur and Barnes 1988, 

Paul and Meyer 1996).  

Functionally, G/C’s were found in higher abundances for both studies in unaugmented 

reaches, which would be expected.  Abundances of S/D’s were higher in unaugmented 

reaches of the River Avon for both studies, and in unaugmented reaches of  the South Teign 

catchment for the leaf pack study only. In contrast, the survey study showed higher S/D 

abundance in augmented reaches of the South Teign catchment. However, the S/D 

Chloroperla torrentium, although found in the South Teign survey study, was absent from leaf 

packs in the leaf litter study, which is noteworthy due to its functionality.   F/C distributions 

between studies differed, with F/C’s being more abundant in augmented reaches of both 
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catchments in the survey study, and also in South Teign leaf pack study. F/C’s were however 

found in higher abundance in unaugmented reaches of the River Avon for the leaf pack study. 

P/P/E and S distributions for both catchments in the survey study showed higher 

macroinvertebrate abundances in unaugmented reaches, with the same pattern being seen 

at the River Avon in the leaf pack study, however. This trend was not maintained for the South 

Teign, where more P/P/E and S were found in augmented reaches, and in greater abundance 

than seen in the survey study, as could be expected.  

In regard to the potential impact that anthropogenic perturbations such as damming, 

deforestation or channelisation can have on riverine ecosystems, and therefore overall 

ecosystem functionality and health, the patterns seen here may begin to highlight possible 

issues within catchments. For example, deforestation above the dam at the River Avon may 

cause a switch to an unnatural autochthonous state, and thereby, through reduction of 

available leaf litter, a perturbation of the food web. In addition, the spatial variability of 

macroinvertebrate assemblages found in both studies have the potential to impact salmonids 

by providing more suitable habitat for early colonisers (e.g., chironomids) of lower dietary 

quality. Where reaches below a dam have been treated with augmented gravels, there may 

be a lack of prey biomass availability for juvenile salmonids. The presence of a dam also 

prevents salmonid movement upstream to unaugmented areas to potentially access reaches 

with more ‘natural’ assemblages of biota.  

Suggestions for further study include: (a) quantification of macroinvertebrate biomass and 

gut contents (Hieber and Gessner 2002), thereby giving a more accurate insight on food 

availability and quality for fish species; (b) further investigation of macroinvertebrate feeding 

functionality and potential down-stream impacts on the riverine food web and ecosystem 

health; and (c) sampling and identification of aquatic hyphomycetes from leaf litter and in-

stream, having regard to the role Ingoldian fungi play in both the breakdown of leaf litter, and 

as a food source for macroinvertebrates (Bärlocher 1982, Marks 2019). 

Concerning conservation and management, the reference to gravel augmentation as 

‘restoration’ may conceal a potential problem. Augmentation of perturbed streams with 

gravel to encourage salmonid spawning is considered a positive measure. However, without 

considering the whole food web and whole-system nature of riverine ecosystems, this type 

of ‘restoration’ could be ultimately more detrimental to ecosystem health, at least in the short 
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term, if not implemented with caution. At the least, gravel augmentation may be a technique 

that requires careful consideration before implementation in order to properly address the 

declining state of our freshwater aquatic ecosystems. Pre-augmentation macroinvertebrate 

surveys might be carried out in addition to fish surveys to characterise macroinvertebrate 

assemblages and diversity prior to augmentation, thereby creating a baseline. In addition, 

yearly post-augmentation macroinvertebrate surveys could be employed to assess the 

effectiveness of augmentations. Yearly post-augmentation surveys have the potential to 

monitor macroinvertebrate colonisations, characterising communities and recording 

potential changes in taxa over time, thereby providing community assemblage data to stake 

holders on food availability for the fish they seek to encourage, as well as providing an overall 

snapshot of ecosystem health. Furthermore, long-term records of macroinvertebrate 

communities are critical for understanding how changes in climate may impact not only 

macroinvertebrates and ecosystem functioning (Baranov et al. 2020, Correa-Araneda et al. 

2020, Mouton et al. 2020), but salmonids (Reeder et al. 2021). Gravel augmentation is a 

disturbance in itself, therefore, the injection of gravels into a riverine system with the 

intention of creating habitat for salmonids that has a stable macroinvertebrate community 

has the potential to be detrimental to biodiversity, and consequently, ecosystem functioning.  
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